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ABSTRACT 

The description of the accumulation of radionuclides in some biospheric 
compartments is in general based on a sorption distribution coefficient KI
This value is very decisive for the concentration of long-lived radionuclides 
in reservoirs that are important from the dose point of view. 

Sorption is due to several processes such as ion-exchange and a variety of 
physical and chemical interactions which are difficult to interpret with the 
current KI-methodology. In addition, many of the KI values are obtained 
from laboratory or geospheric conditions not comparable to conditions 
prevailing in the biosphere. The main objective with this work is to deepen 
the knowledge about the theoretical background of KI-values. To achieve 
this purpose, available theoretical models for ion-exchange and surface
complexation have been adapted for simulation under biospheric conditions. 
The elements treated are cesium, radium, neptunium, uranium and 
plutonium. The results show that a triple layer surface complexation model 
may be used in estimating Kl-values for actinides as a function of important 
chemical parameters such as pH and EH. 

It is concluded that by estimating some equilibrium constants and making 
some careful approximations, surface complexation models can be used for 
performance assessment of radioactive waste repositories. 
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SAMMANFATTNING 

Beskrivning av radionukliders ackumulering i nagra biosfarskompartments ar 
i allmanhet beroende av en sorptionfordelningskonstant, Ki. Varden av 
denna ar bestammande for koncentrationen av langlivade radionuklider i 
reservoarer som ar betydelsefulla ur dossynpunkt 

Sorption beror pa ett flertal processer sasom jonutbyte och ett stort urval av 
kemiska och fysikaliska interaktioner vilka ar svara att oversatta med den 
nuvarande Ki-metodiken. Dessutom har manga ~-varden erhallits fran 
laboratoriemiljoer eller fran fdrhfillanden i geosfaren vilka ej ar jamforbara 
med de som racier i biosfaren. Mfilsiittningen med detta arbete· ar att fordjupa 
kunskapen om den teoretiska bakgrunden till Ki-varden. For att uppna detta 
syfte har tillgangliga teoretiska modeller for jonutbyte och ytkomplexering 
anpassats for att simulera under biosfiirsforhallanden. Amnena cesium, 
radium, neptunium, uran och plutonium har behandlats. Resultaten visar att 
en tre lagers ytkomplexeringsmodell kan anvandas for att uppskatta Ki
varden for aktinider som en funktion av viktiga kemiska parametrar sasom 
pH ochEH. 

En slutsats ar att ytkomplexeringsmodellen kan anvandas for sakerhets
analyser av deponier for radioaktivt avfall under forutsattning att nagra 
jamviktskonstanter noggrant uppskattas och nodvandiga approximationer 
gors mycket omsorgsfullt 
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SUMMARY AND CONCLUSIONS 

This work is aimed to determine whether surface complexation models for 
sorption are applicable in performance assessment studies of radioactive 
waste repositories. A large part of the surface complexation equilibrium 
constants had to be estimated in order to perform the calculations. 
Neverhetless, the results show that the triple layer surface complexation 
model is suitable to estimate the dependence of I¼ as a function of important 
chemical parameters. For all actinides studied, a combination of experimental 
and estimated surface complexations constants have been used. This method 
appears to give a correct variation of calculated l'¼!-values. Nevertheless, this 
should not be interpreted as to indicate that experimental values are 
unnecessary, but instead we believe that this work might contribute to 
increase the usefulness of surf ace complexation models to understand both 
natural systems and laboratory measurements. Results from ongoing 
experimental efforts (some of them in Sweden) will in the future be added to 
the model presented here to allow more accurate l'¼!-predictions. 

Reasonable parameter values were used for the properties of sorbing the 
phase. The calculated I¼-values will however depend on, for example, the 
concentration of sorption sites per liter of aqueous solution, or the total 
cation-exchange capacity per liter. This will in turn be affected by several 
parameters like the specific cation-exchange capacity of the clays, or the iron 
oxyhydroxide percentage of the soil or sediment, or the assumed specific 
surface area, etc. In other words, the system modelled is over defined: 
equation (14) shows the interdependence of some of the parameters to 
consider. If some of them are quantified by, for example, chemical analysis of 
a given soil, the specific surf ace area might still be an unknown parameter 
which can be adjusted to fit some "in-situ" migration experiments. Our 
calculations show however, that refitting surface complexation equilibrium 
constants to specific sorption data on soil or sediment samples, will in 
general, create a set of surface complexation reactions that do not represent 
well sorption under different experimental conditions, and thus, no advantage 
would be gained over the I¼ concept. The power of the surface 
complexation model is instead, that equilibrium constants obtained under 
well controlled laboratory conditions on well determined minerals, can easily 
be used to estimate sorption under a much wider variety of field conditions. 
When equilibrium constants are not available for the surface complexation of 
a given metal ion, then a chemical analogue may be used to obtain plausible 
K0 values that reflect the correct dependence on chemical parameters like 
pH, etc. 

Care must be taken when surface complexation equilibrium constants are 
extracted from some experimental study. It has been found during this work 
that it is necessary to check, with some preliminary calculations, that it is 
possible to reproduce both the experimental fractions of metal sorbed, and 
the measured dissolved metal concentrations reported in the literature. 

V 



Differences in the aqueous data base, and in the properties of the solid phase 
might require a readjustment of the log10Kint values in order to reproduce the 
experiments reported in the literature. Furthermore, these preliminary 
calculations indicate whether the reported sorption reactions refer to inner
och outer-sphere complexes. 

If some environmental conditions are known, such as the concentration of 
calcium, the ~-value for radium could be estimated more precisely with the 
method described here. However, sorption of cesium consists of such 
complicated processes that further analysis needs to be done to judge the 
applicability of ion-exchange models for performance assessment. 

One phenomenon which is not taken into account in our calculations, is the 
formation of solid solutions, which might be of importance, specially for the 
system Ra2+/Ca2+/COi-. Some approximate calculations may be done as 
proposed by Langmuir and Riese [ 48], if the Ra-contents of the calcium 
carbonate in a soil or sediment is known. However, most soils and sediments 
in the Swedish biosphere scenarios are very poor in carbonates, and 
therefore, the formation of solid solution was not included in this work. 
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1 BACKGROUND 

The behaviour of long-lived radionuclides which may migrate from 
repositories of high-level radioactive waste constitutes an important aspect 
for the judgement of the safety aspects and the design of such facilities. 
There are two major aspects in the behaviour of the nuclides: their movement 
in the geosphere and in the biosphere respectively. In the geosphere it is 
important to show that the mobility of the radionuclides is so low that most 
of the eventually released radionuclides from the near field area will not 
reach the biosphere in amounts that can cause any substantial exposure to 
man. On the contrary, accumulation in the biosphere caused by low mobility 
may increase the potential exposure to man. This exposure may be through 
inhalation caused by dust resuspension, or simply by consumption of soil, 
specially for children. However, a high accumulation would also cause low 
bioavailability of the nuclides decreasing their importance in the exposure 
pathways of the food-chain. 

This accumulation in certain reservoirs of the biosphere, is in general 
described with a distribution coefficient, Kl, which is a measure of the 
sorption of an element under given assumptions. However this sorption may 
be due to several processes, like ion-exchange, and diverse physical and 
chemical interactions which are impossible to consider explicitly with the 
current K0 methodology. Another disadvantage is that many Kl-values used 
in biosphere models are obtained from the geosphere. Usually the conditions 
in the geosphere are not comparable with those prevailing in the biosphere. 
Other disadvantages with the distribution factors are: 

lack of theoretical background 

Ko-values relevant to a specific problem are often missing. Therefore, 
extrapolated values must be used, which present some difficulties due 
to the lack of theory 

there is no quantitative relation between species m solution and 
Kl-values 

it is difficult to separate between precipitation and adsorption 
processes 

It has also been shown in many assessments studies for repositories of 
long-lived radioactive nuclides that most of the uncertainty related to the 
calculations are due to the transport parameters [I, 2]. These transport 
parameters are in general based upon the use of Kl factors when describing 
the accumulation of the nuclides in soil and sediments. In addition, the 
accumulation process (i.e., the Kl parameter) has been identified as a 
dominating contributor to the uncertainty in calculated results for several 
scenarios handled within the international BIOMOVS study [3,4]. One 
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reason for this, is the large uncertainties used for the Kl-values, which are 
due to the lack of theoretical knowledge needed to select more realistic 
Kl-ranges for specific conditions. 

The overall purpose with this work is to deepen the knowledge on factors 
influencing the accumulation of long-lived radionuclides in soils and 
sediments. This will lead to increased accuracy and lower uncertainty in the 
choice of Kl-values, which are used to represent different conditions in the 
biosphere. This is particularly necessary in the uncertainty analyses of 
radiological safety studies. However, the results will also be applicable when 
modelling the transport of radionuclides in the geosphere. To achieve this 
purpose, available theoretical surfacecomplexation models were used to 
simulate the conditions in the biosphere. In addition the project aims at 
identifying the process giving the largest contribution to the uncertaity in the 
sorption model. 

The work in this report addresses these problems with the overall purpose to 
obtain manageable theoretical relations, which either can be used instead of, 
or as help for the selection of appropriate Kl-values. 
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2 NUCLIDES 

The following radionuclides were selected to be studied within this work: 
Cs-135, Ra-226, U-234, Np-237 and Pu-239. They were chosen because 
they have been found to be of radiological importance in previous safety 
analyses for spent fuel [5]. This is valid especially for Ra-226 and Np-237. 
Pu-239 is included because of its potential hazard. In addition the choice of 
nuclides is based upon the available information about their chemical 
behaviour. 

For comparison and evaluation, the .Kl-values previously used in an 
assessment [6] of conversion factors between unit releases of radionuclides 
to the biosphere and resulting doses to man, are shown in Tables 1 for soil. 
The ranges were obtained from estimations of the varying literature values. 

Table 1. Distribution coefficients (Kd, m3/kg) for soil/water, from 
Bergstrom and Nordlinder [6]. 

Element Best estimate Range 

Cs 1.0 0.1 - 10 

Ra 0.5 0.05 - 5 

u 0.1 0.01 - 1 

Np 0.1 0.01 - 1 

Pu 50.0 1 - 100 

Comments to the values in Table 1: 

Cs Best estimate taken from Coughtrey et al, 1985 [7]. In this reference, 
even a lower minimum value than that listed in Table 1 is given. The 
best value we have used is a factor of ten higher than what it is 
recommended for the base case in the Swiss safety assessments for a 
HL W repository scenario [8]. However the conservative value they 
used was twice our best estimate value. In a specific study concerning 
the variability of doses from Cs-137 and Ra-226 released to a lake 
ecosystem, a best estimate of 0.5 was used with ranges from 0.02 to 
30 [9]. However, many studies have pointed out that the fish pathway 
is mostly dominant for Cs-nuclides due to the high uptake of Cs into 
fish-flesh. Because of that, decreasing the ranges for accumulation 
into the soil, would not affect the doses obtained from releases of 
cesium into lake ecosystems. 
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Bergstrom et al [10] and Andersson et al [11], concluded that most 
sorption occurs by ion-exchange and the presence of cations 
decreases the sorption. 

In a Cs-sorption study on a well defined illite, a Ki higher 
then 5 m3/kg was found at pH=7 [12]. 

For Cs-sorption on illite, an irreversible fixation of a large part 
of the Cs occurs. Similar effects are observed for K+, Rb+ and 
NH4+. If large quantities of these ions are present, they would 
inhibit the sorption of cesium [10]. 

Investigations in Finland on Ki-values for some nordic clays showed 
low values for sandy clay (0.006 m3/kg), but for muddy and heavy 
clay, the values were much higher, 0.2 and 0.7 m3/kg, respectively 
[13]. 

Ra The values in Table 1 are taken from Bergstrom et al [10]. Actual 
measurements of distribution coefficients are very rare. Sheppard 
[14] gives in a literature survey, values in the range 0.1 to 0.5 m3/kg. 
As radium is chemically similar to strontium, data for strontium may 
be used to increase the base of knowledge for radium. Sorption 
studies of Sr-90 on illite gave distribution coefficients in the range 
0.004-1.0 m3/kg [12]. 

The following summary concerning the migration of Ra in soil is 
taken from the conclusions in Evans and Eriksson [15]: 

Most of the Ra is strongly sorbed in soil. High Ca2+ concentrations 
causes Ra to be more permanently fixed to the soil, thus reducing 
the amount of exchangeable Ra and decreasing the amount 
available for plant uptake. Rusanova, 1962 indicated that the most 
rapid desorption of Ra took place at pH=3 and that as the pH 
increased, desorption decreased. The migration of Ra in soils 
appears to depend on the Ca2+ concentrations only in an indirect 
manner. 

The same study [15] reported values for "concentration factors" from 
25 samples. The geometric mean was 0.68 (m3/kg), with a 95 % 
confidence interval of 0.29-1.61. 

U Values taken from Grogan [8]. Evans and Eriksson [15] report "con
centration factors" water/soil from 25 samples to a geometric mean 
of 0.39 and 0.47 for U-234 and U-238, respectively. 

Np The distribution factor for the pentavalent ion of Np-237 has shown 
to be a factor of ten lower than the corresponding value for uranium 
[ 16]. Compared to other actinides, neptunium has been found to be 
relatively mobile in soil, as well as bioavailable. However, under 
reducing conditions, a Ki- value of 5 m3/kg is recommended, while 
under oxidizing conditions, values usually fall in the range 
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0.001-0.1 m3/kg [12). It has also been shown that sorption on 

goethite is very significant, even under oxidizing conditions [17]. The 

best estimate given in Table 1 is extracted from this information, and 

it should be noted that the range used covers the values used in the 

Swiss safety assessments [8]. 

Pu Several reviewers [18] have obtained K0 -values in the range of 0.3 to 

5 m3/kg. For granite rocks, Kl-values are always above 1 m3/kg. 

Billon [19] presents Kl-values for clay/water in the range of 

10-100 m3/kg. High Kl-values in the range of 10 to 100 m3/kg were 

also used when modelling the transport of Pu-239 through a river 

sediment, which was one scenario within the BIOMOV s study [20). 
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3 METHODOLOGY 

Sorption Kc! values for each radionuclide studied are obtained from chemical 
equilibrium calculations which give both aqueous concentrations and 
adsorbed quantities for a given solid/water ratio. The dissolved and adsorbed 
quantities are calculated with a combination of chemical equilibrium models: 
complexation both within the aqueous solution and on the surface of an iron 
oxide, as well as equilibrium ion exchange (for Cs and Ra). 

Following the work of Bond et al. [21], [22], and [23], we assume that 
sorption of U, Np and Pu in soils and sediments is mainly determined by their 
contents in iron oxyhydroxides, which in this work is assumed to be 5 % in 
goethite. This, in essence, agrees with other modelling work on UOi2+ 
sorption [24] and [25], on Zn2+ sorption [26], on Ni2+ sorption [27], etc. 

The average chemical composition of the water used in this modelling 
calculations is given in Table 2. The values correspond to average values for 
Swedish surface waters. 

Table 2. Chemical composition of the aqueous solutions used in the 
numerical calculations. 

Elements Units Average Ranges 

Na mg/1 5 1 - 16 
mo]/1 2-104 (0.4 - 7)· l 04 

K mg/1 2 0.4 - 4.0 

mo]/1 5.10-5 (1 - 10)· 10-5 

Ca mg/1 60 2 - 120 

mo]/1 1.5-10-3 (0.05 - 3)· 10-3 

Mg mg/1 2.4 2-7 

mo]/1 1·104 (0.8 - 3)-104 

mg/1 30 0- 120 

mo]/1 5·104 (0 - 2)-10-3 

pH (soil) 4-5 

pH (sediment) 6-7 
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3.1 THE CHEMICAL MODEL 

The chemical model is based in: a) chemical equilibrium reactions and b) 
mass- and charge- balance equations (for given total aqueous concentrations, 
and particle sorption site densities). The equations used are described in 
many literature studies [28-43], but will be sumarised here. 

Interactions between solid particles and an aqueous solution include 
phenomena like sorption, precipitation and dissolution. The sorption model 
used here is a surface complexation model, i.e., an equilibrium model based 
partly on homogeneous aqueous equilibrium reactions, which using 
hydrolysis and complex formation (with a ligand "L") can be written as 
follows: 

Mez+ + H2O Q MeOH(z-l)+ + H+ 

Mez+ +U- Q MeLz-y 

and also based on particle/solute equilibria of type: 

for inner-sphere surface complexes, and 

(1) 

(2) 

for outer-sphere surface complexes. SOH represents a particle surface site. 

Particle surfaces in contact with aqueous solutions are in general electrically 
charged. This is due to acid-base reactions of type: 

SOH + H+ Q SOH! 

SOH Q so- + H+ 

(3a) 

(3b) 

For a given aqueous system, "master" or "basis" species are selected for each 
chemical component (for example, Ca2+ for calcium, CO?· for carbon, UO22+ 

for uranium, etc). For all the other species, only one equilibrium reaction is 
considered: that of formation from the "basis" species. All equilibrium 
reactions are then described by their stoichiometry and free energy change. 
For the formation of species "j" from all the "basis" species "k", an equi
librium reaction is written as: 
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The stoichiometric coefficients, vj,k, are positive on the right-hand side of 
the reaction, and negative on the left-hand side. In genereal, if all species i in 
a reaction are not classified into one complex and "basis" species, a reaction 
is written as: 

The standard equilibrium constant, K O related to the standard Gibbs free r 
energy change: 

(4) 

where R is the gas constant (8.31451 J / K mol), T the absolute temperature, 
and { i} indicates the activity for species "i" ( where "i" is both the complex of 
interest, "j", and the "basis" component species, "k") . The value of K O is 
temperature and pressure dependent. However, in this work all calculaJons 
are performed for 25°C and 1 bar (===1 atm). 

When the equilibrium constant is known, the activity of a complex "j" is 
calculated from the activities of all "basis" species k and from Eqn. (4): 

(5) 

For aqueous ions, it is not possible to assume that activities are equal to 
concentrations. This is mainly due to coulombic ion-ion interactions. For 
homogeneous aqueous reactions, the relationship between "apparent" (or 
concentration) equilibrium constants and standard equilibrium constants is 
specified by the activity coefficients, -y., and Eqn. ( 4) becomes: 

1 

(6) 

where [i] indicates the concentration of species"i"(mol/1) and the 
concentration equivalent to Eqn. (5) is: 

(7) 

In this work, 'Y· for aqueous ions are estimated with Davies equation (which 
1 

is an extension of the Debye-Htickel limiting law): 
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2 ( Jf J log10y- =-z. A ---0.31 
1 I y 1 +Jf (8) 

where zi is the ionic charge, the Debye-Htickel constant Ar has the value of 

0.509 at 25°C, and I is the ionic strength (mol/1): 

I=½!: z.2 m. 
1 1 

(9) 

therefore, for aqueous ions: 

log10 {i} = log10[i]-zi A,( 1 =~ -0.3/ J 
(10) 

For neutral aqueous molecules, the approximation is made in this work that 
)'i=l, and therefore {i}=[i]. 

For each component "k" in the aqueous system of interest, the model used 
here also includes either the known activity of a species (for example, 
pH= -log10 {H+ }), or a mass-balance constrain (the total concentration): 

[k]TOT = [k] + !: v. k [j] J, 
(11) 

where v. k is the stoichiometric coefficient for component "k" and complex 
''j" (in tfie reaction of formation of complex j from the components). For 
example, the mass-balance equation for uranium would be: 

2+ 2+ + 
[U]TOT = [U02 ] + 2 [(U02)iCOH)2 ] + [U(OH)laq)] + [S0-U020H ] ... 

Redox reactions are treated in conjuction with the half cell defined by the 
standard hydrogen electrode, which has by definition a zero potential: 

Due to this convention, all redox reactions are written in terms of the 
hypothetical species "e-", for example, the reduction of Fe3+ by hydrogen 
gas: 

is instead written as: 
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The redox potential of an aqueous solution at redox equilibium is related to 
the activity of the hypothetical species e-: 

(at 25°C) 

where Fis the constant of Faraday (96485.3 C/mol). The value of EH can (at 
least in principle) be measured experimentally, or calculated from 
mass-balance constrains, for example, from a given partial pressure of H2(g) 
or 02(g), from the solubility equilibrium of some solid phase, etc. 

For surface complexation reactions (i.e., reactions 2 and 3 ), the equilibrium 
constant is defined similarly to the homogeneous equivalent, c.f. Eqns. (4) & 
(6). However, the activity of a surface species is not related to its 
concentration in the same way as Eqn. (10) for aqueous ions. For surface 
complexation reactions, the measured "apparent" equilibrium constant, 
K/PP, based on bulk concentrations (c.f. Eqn. 7), 

(12) 

is found to vary with pH, aqueous electrolyte composition, etc, indicating 
large variations of the activity coefficients for the adsorbed species. 

As the activity coefficients for aqueous ions are related to the ion-ion 
interactions, the activity coefficients of surface species are largely due to the 
coulombic interaction between the charged surface and the electrolytic 
solution. 

The differences between the various mathematical formulations for surface 
complexation reactions, depend on how the free energy of adsorption is 
resolved into two components: electrostatic and chemical, i.e., on how the 
activity coefficients for surface species are estimated. 

As the acid-base reactions (3) indicate, particle surfaces in contact with 
aqueous solutions will in general be electrically charged, and this charge will 
depend on the pH value. The charge density in the solid surface, crs (C/m2), 
depends on the specific surface area, A (m2/g), the solid concentration, 
S (g/1), and the extend of ionisation and sorption, according to: 

where [] represent the molar concentration for surface sites. The total 
concentration of surface sites (mol/1) for the chemical system of interest, can 
be calculated from the solid concentration, specific surface area, and site 
density: 
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[SOHhoT =SA Ns1018 /NA (14) 

where Ns is the site density (sites/nm2) and NA is the number of Avogadro 
(6.02214-1023 moI-1). The mass-balance constrain for all different surface 
sites "1" (compare with Eqn. 11) is: 

[SOH]TOT = L [l] 

The electrostatic long-range coulombic interactions between the aqueous 
ions and the electrically charged surface account for the variation of K?PP 
(Eqn. 12) with pH, etc. The "apparent" equilibrium constant for a surface 
complexation ( or acid-base) reaction is separated into the chemical 
("intrinsic") and coulombic component as follows: 

log Kapp = log Kint - _~_zs:;....F_\jl~ 
10 r 10 r R Tln(lO) 

(16) 

where'¥ is the electric potential (V) for the "mean plane of adsorption", and 

~zs= L v1 zi, where "I" is taken for all surface species in the reaction. For 

example, ~zs=(z-1) for reaction (2), and ~zs=l for reaction (3a). Eqn. (16) 
is equivalent to assume the following activity coefficient for the surface 
species, 

lo - z1 F\jl 
g10 Yi - R Tln(lO) 

(17) 

and therefore, for all surface species, the activity is defined as 

(18) 

These last two Eqns. are to be compared with Eqns. (8) and (10) for 
aqueous ions. 

The electric potential for the adsorption surf ace, '¥, can be estimated with 

several assumptions, giving rise to different activity coefficients (Eqn. 17). 
These estimation methods constitute the surface complexation models: 
constant capacitance, two-layer (or diffuse-layer), Stern, triple-layer, 
four-layer, etc. 
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In this work, the triple-layer model is used. This model assumes that protons 
and strongly binding cations are placed in the particle's surface plane (the 
o-plane ), weakly binding ions are placed in a second B-plane, and the third is 
the diffuse-layer d-plane. 

For the o- and B-planes, there are associated capacitances C1 and C2 (F/m2), 
and the relation between charge and potential at each plane is given by: 

The formula of Gouy-Chapman is used to estimate the diffuse-layer charge cr 
D• from the diffuse- layer potential, 'I' v: 

cr = (8 · 103 e e R T)112 ✓I sinh( F\JI d ) 
d o w 2RT 

where E0 is the permittivity of vacuum (8.854· 10-12 C2/Jm), Ew is the 
dielectric constant of water, and the ionic strength, I (Eqn. 9), is in units of 
mol/1. At 25°C Ew = 78.3 and therefore, 

O" d = 0.1173 .Jf sinh (19.46 'I'd) (21) 

The total electrical charge of the system is of course zero, and therefore, 
electrical charge densities for the different planes are also constrained by the 
following equations: 

(22) 

for the surface complexes, m, in the o-plane: 

(23) 

for the surface complexes, n, in the B-plane: 

(24) 
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The parameters needed in the model are: the values of log10K O for the 
formation of all aqueous species, log10K int for the formation of fur surface 
species, the capacitances C1 and C2, th~ site density Ns, and the specific 
surface area A. Futhermore, the pH, the redox potential and total con
centrations are also needed. 

As explained elsewhere, e.g. in [ 44], experimentally determined values of 
Kint, depend on the assumptions used for the total number of sorption sites. 
Important parameters in the sorption models are thus, the specific surface 
area, A, the site density, N5, and the acid-base properties: 

SOH + H+ <=> SOH2 + 

SOH <=> so- + H+ 

Ion-exchange reactions are described elsewhere in the literature [45]. To 
simulate ion-exchange between two ions "Me" and "N" (usually two metal 
cations), at the ion-exchanger "X" (for example a clay), the following 
reactions are used: 

(25) 

assuming that the activity for ion-exchanged species is proportional to their 
molar concentrations, 

log 10Kx(N /Me)= zlog 10 {Ny+ }-ylog 10 {Mez+ }+ylog10 [XzMe ]-zlog 10 [ XyN] 

(26) 

The activity coefficients for the ion-exchanged species are thus assumed to 
be constant, and included in K . This assumption will be appropiate if only 
trace amounts of "Me" are i6n- exchanged. The total concentration of 
ion-exchanger is given as the cation exchange capacity, and it is calculated 
with Eqn. (14). 

3.2 THE CALCULATIONS 

A chemical system is defined by the total concentrations of each component, 
which may be obtained by several analytical methods. The goal of the 
chemical model is to calculate the activities of the basis species 
corresponding to each component. Exceptionally, the activities of some 
components are experimentally measured with ion-sensitive electrodes (for 
H+, Cl·, etc), or with a redox electrode (for the redox potential EH)-
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For chemical components for which the total concentration is known, 
mass-balance equations must be solved (Eqn. 11). The total surface 
site-balance equation (15) must also be solved. The concentration of each 
aqueous complex is calculated from Eqns. (10) and (5), while concentrations 
of adsorbed species are calculated from Eqns. (12) and (16). The potentials 
in Eqn (16) are calculated from the charge densities and Eqns. (19) to (21), 
while charge densities are calculated from Eqns. (22) to (24). This has been 
performed with the computer program HYDRAQL [46]. 

Once the equations for the chemical system are solved (i.e., once the 
activities of the basis component species are known), the concentration of 
each species can be calculated with Eqns (10) (or 18), (7) and (26). Once the 
species fractionation has been calculated, the distribution coefficient is easily 
found. 

For a given chemical element "Me", the distribution coefficient, K0 (m3 /kg, 
equivalent to ctm3/g), is calculated as the quotient between the concentration 
in the solid (mol/g) and the soluble concentration (mol/dm3): 

K _ .!, [ SOMeCz-l)+] + [ SO- MeOH(z-2)+] + [X 2 Me ]+ ... 

D - S [Me 2 +]+[MeOH(z-l)+]+[MeL2-Y]+ ... 
(27) 

where concentrations are in units of mol/1 and S is the solid concentration in 
g/1. For a given component "k", forming soluble complexes "j", and solid 
complexes "l", the distribution coefficient is then: 

(28) 

Modeling results are strongly dependent on the values chosen for log10Kr0 

for aqueous species (as defined in Eqn. 4) and log10Krint for adsorbed 
species (Eqn. 6). 

For aqueous complexation, the original data base supplied with the 
HYDRAQL program has been modified as follows. For uranium, the original 
HYDRAQL-values were replaced with those selected in the OECD-NEA 
review [47]. The data bases of Langmuir and Riese [48] for radium, Lemire 
and Garisto [49] for neptunium and Puigdomenech and Bruno [50] for 
plutonium, were used here. 

In order to simplify calculations involvning actinide sorption, the ionic 
strength was kept constant at 0.1 mol/1 (NaCl electrolyte). Precipitation of 
solid phases was suppressed during the calculations, and equilibrium between 
the several redox couples was enforced by a prevailing redox potential, Ett. 
Due to the structure of the HYDRAQL program, the calculations had to be 
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repeated setting the main component equal to each of the possible redox 
states, for example, for plutonium, calculations had to be performed setting 
the main component successively to PuOz2+, PuO2+, Pu4+, and Pu3+. The 
results were then collected and integrated into a single K0 -value using a 
spread-sheet program. The total concentration of radionuclides in the 
simulations were (in mol/1): 10-9 for Cs, 10-10 for Ra, 10-5 for U, 10-8 for Np 
and Pu. 

There is a large scatter in the literature [51] about the protolysis constant of 
iron oxides and hydroxides. 

The properties of goethite selected here are those reported by [52], i.e., 

A=39.9 m2/g, Ns=l.7 sites/nm2, log10K!~1 = -7.5, log10K!; = -9.5, the 

swamping electrolyte constants reported by [44] (log10K;:: = -9.3, 

log10K~; = 6.2), and the TLM capacitances to C1=1.4 F/m2 and 
C2=0.2 F/m2. These values are adequate to model the general behaviour of 
actinide sorption in the environment. 

For both Np3+ and Pu3+, the surface complexation constants were set equal 
to those of the Al3+-goethite system [52], i.e., 

SOH + Al3+ + H2O <=> SOAl(OHt + 2 H+ 

SOH + Al3+ +2 H2O <=> SOA1(OH)z0 + 3 H+ 

log10Kint = -1.5 

log10Kint = -9. l 

which agree with other values obtained for Am3+ [53] and [54]. 

For U4+, and Np4+, the surface complexation constants were set equal to 
those for Pu4+ [55]: 

SOH + Pu4+ + H2O <=> so--Pu(OHt3 + 2 H+ 

SOH + Pu4+ + 2 H2O <=> so--Pu(OHh2+ + 3 H+ 

SOH + Pu4+ + 3 H2O <=> so--Pu(OHh + + 4 H+ 

SOH + Pu4+ + 4 H2O <=> so--Pu(OH)4° + 5 H+ 

log10Kint = 2.5 

log10Kint = -2.0 

log10Kint = -5.9 

log10Kint = -12.0 

Because of the uncertainty in the estimated carbonate and bicarbonate 
surface complexation constants, they were left out of the calculations. In 
order to simulate the experimental data for Pu(IV) sorption on goethite as a 
function of alkalinity (c.f., Fig. 5 in [55], the adsorption constant for 

had to be adjusted to a value of log 10Kint = 8.0, and this value was also used 
for uranium and neptunium. 
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Preliminary calculations showed anomalous results for uranium sorption. A 
comparison with plutonium calculations showed that the predicted stability 
of U(OH)4(aq) was unually high. The NEA review [ 47] gives a large 
uncertainty for the formation of U(OH)4(aq). In p. 130 Grenthe et al. [47] 
note that the stability of U(OH)4(aq) "has been overestimated by orders of 
magnitude". Therefore, in our calculations the value log10"Kexi = -10 was 
selected for 

instead of the value -4.5±1.4 selected by the NEA team [ 47]. This value is 
more in accordance with the equilibrium constants for Np4+ (- 10.8), and 
Pu4+ (-9.2), and in better agreement with other reviews on uranium 
hydrolysis. 

For P02 +, surface complexation was modelled with the same constants as 
those for NpOt, i.e., 

which is equivalent to the following reaction 

as reported in [56] and [57]. The equilibrium constants was adjusted from 
the value reported in [56] (log10Kint = -3.5) and [57] (log10Kint = 3.2) in 
order to fit the curves in Fig. 5-2 of [56] and Fig. 2 or [57] with our data 
base of equilibrium constants for complexation in the aqueous phase. 

When the U(VI) sorption data of Hsi and Lanmuir [58] were simulated with 
the sorption equilibrium constants reported by them, a clear disagreement 
was obtained. The reasons were both the use of a different data base for the 
aqueous complexation, and our different parameter values for goethite. 
Therefore, a slightly different model for UO/+ sorption was used, namely 

SOH + uoz2+ + H20 <:=? SOUOz(OH)O + 2 H+ 

SOH + uoz2+ + 2 H20 <:=? SOUOz(OH)z· + 3 H+ 

SOH + uoz2+ + 3 CO/·+ H+ q SOH2+-U02(C03h4" 

log10Kint = -4.5 

log10Kint = -12.2 

log10Kint = 33.5 

This model approximates the effect of carbonate on both the percentage of 
adsorbed U(VI) (Fig. 8 in [58]) as well as on the total disolved uranium 
(Fig. 4 in [58]). The same surface complexation equilibrium constants were 
used to simulate the sorption of NpO/+ and PuO/+. 

For Cs+, ion-exchange in competition with Na+, K+, Ca2+ and Mg2+ was 
modelled. The amount of clay was set to 1 g/1, and cation-exchange capacity 
was assumed to be 0.2 meq/g. The equilibrium constants for reaction of type 
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(25) are log10Kx(Na/K.)=0.5 and log10Kx(Na/Cs)=l.4, as given in the Tables 
of Ref. [59]. For interchange between Na+ and either Ca2+ or Mg2+, the KN 

values tabulated in [59] (KN:::4 for Na/Ca and Na/Mg exchange) refer to 
ionic equivalent fractions in the ion-exchanger. If KN is constant, then the 
value of Kx (as defined in Eqn. (26)) depends on the total cation exchange 
capacity of the system (CEC, in equivalents per litre of solution). Thus for 

2 XNa + Ca2+ {:=> X2Ca + 2 Na+ KN= 2-CEC-Kx(Na/Ca) 

These selected constants for ion-exchange are similar to those reported in 
[60]. 

For Ra2+, a combination of ion-exchange and surface complexation has been 
used. Ion-exchange competition with Na+, K+ and Ca2+ was modelled, as 
described above for Cs+. Precipitation of calcite and aragonite was 
suppressed in the calculations. The sorbent was assumed to be 1 g/1 of clay 
and 0.05 g/1 of goethite, the later having the properties indicated earlier for 
the sorption of U, Np and Pu. Surface complexation constant for Ra2+ was 
assumed to be equal to those of Ca2+, i.e., 

SOH + Ca2+ {:=> so- -Ca2+ + H+ 

SOH + Ca2+ + H20 {:=> so- -Ca(OHt + 2 H+ 

as reported in [61] and [44]. 
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4 RESULTS 

The calculations carried out have presented Kl-values as a function of 
environmental conditions such as pH, EHH, alkalinity, concentrations of 
cations etc. The results are presented graphically in three dimensional plots 
against the major parameter influencing the Kl-values for the respective 
element handled. It could be worthwhile to point out that values of these 
parameters may be wider than the ranges normally occurring in the 
environment. Normal background values for soil porewaters are given in 
Table 2. Major changes for the sediment properties compared to soil is that 
reducing conditions may occur and the pH-values may be higher than in the 
soil, presumably about 7. The redox potential is positive in surface soil and 
upper sediment while reducing conditions occur in deeper situated sediment. 

4.1 CESIUM 

For cesium, ion-exchange is the main process for retaining this element on 
solid materials. The calculations show also this with decreasing Kl-values 
when the concentrations of cations increase, see Fig 1. However all values 
obtained seem to be lower than those obtained from experimental studies. 
This may be due to the fact that many measurements include the total 
irreversible bound Cs-pool and also to the experimental design. These two 
pools of bounded Cs+ in soil are described in the literature [62] and (63]. 

4.2 RADIUM 

Also for radium, ion-exchange is the main sorption process. The calculations 
show that the calcium concentration is the main parameter influencing the 
Kl-values, see Fig 2 and Fig 3 where the Kl-values are plotted against 
calcium concentration and the concentration of the alkali metals Na and K or 
pH, respectively. The influence of alkali metals is due to the competing 
properties of these elements because of their chemical similarity. 

4.3 Uranium 

The calculations show that pH, inorganic carbon and EH are the major 
parameters influencing the Kl-values. The Kl-values against EH and pH with 
a constant carbonate concentration of 1 mM are plotted in Fig 4. Kl-values, 
when keeping the redox-potential constant (0.6 V) but varying widely the 
content of inorganic carbon and pH are presented in Fig 5. As can be seen 
from Fig 4 reducing conditions give the highest Kl-values. The effect of pH 
increases considerably under oxidising conditions. Under such conditions in 
combination with pH-alues above 6 the Kl-values obtained are about 
0.1 m3/kg. At high concentrations of inorganic carbon and pH-values higher 
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than 6 the ~-values decrease considerably. However, when looking at 
normal values for soil and sediments concerning the alcalinity and pH 
respectively, ~-values for use should be about 0.1 m3/kg. These values are 
in agreement with these earlier used in dose assessments as discussed in the 
"Nuclides" section and elsewhere [6]. 

4.4 NEPTUNIUM 

The ~-values are high under reducing conditions, see Fig 6. This is in 
agreement both with the few investigations made under reducing conditions 
[64] and [65] as well as the low solubility of the tetravalent Np, which is the 
dominating state under reducing conditions [66].The pH dependence of~ 
shown in Figure 6 is in in agreement with experimental studies of the 
adsorption behaviour of Np in soil [67], [68], [69], [70] and [71]. 

4.5 PLUTONIUM 

In contrast to neptunium the ~-values obtained are not so sensitive to EH at 
neutral and acid conditions, see Fig 7 where the f¼-values are plotted against 
pH and EH for a constant total inorganic carbon content of 61 mg/1. 
However, the dependence on pH is clearly seen in Fig 7. Experimental 
studies of pH adsorption have also shown this, however not so fully 
pronounced as our calculations show [17] and [55]. The very extreme values 
are due to extreme combinations of chemical conditions not occurring 
naturally. There is a large scatter of values in the literature concerning 
f¼-values for Pu, see for example [72] and the recent compilation by 
Albinson [17]. 

19 



5 ACKNOWLEDGEMENT 

This study was supported by The Swedish Nuclear Fuel and Waste 
Management Co. (SKB) which is gratefully acknowledged. 

20 



6 REFERENCES 

1 Bergstrom, U, and Nordlinder, S 
1991 

Uncertainties Related to Dose Assessments for High Level Waste Disposal. 
Nuclear Safety Vol. 32, No. 3 July-September 1991. 

2 NEA PSAG User Group 
Psacoin Level lB intercomparison. 
Edited by R Klos, J E Sinclair, C Torres, J S Martin, D A Galson and U 
Bergstrom. 
To be published 

3 Grogan, H Ed 
1989 

Irrigation with contaminated groundwater. 
BIOMOVS TR 6. 
Swedish Radiation Protection Institute, Stockholm 

4 Jones, C Ed 
1989 

Transport of radionuclides to root-zone soil from contaminated groundwater 
BIOMOVS TR 9. 
Swedish Radiation Protection Institute, Stockholm. 

5 Bergstrom, U 
1983 

Dose and dose commitment calculations from ground water borne 
radioactive elements released from a repository for spent nuclear fuel. 
KBS-TR 83-28 SKB, Stockholm. 

6 Bergstrom, U and Nordlinder, S 
1990 

Individual Radiation Doses from unit releases of long-lived radionuclides. 
SKB-TR 90-91, Stockholm. 

7 Coughtrey, P J, Jackson, D and Thorne, M C 
1985 

Radionuclide distribution and transport in terrestrial and aquatic 
ecosystems. 
Vol 6 A.A. Balkema, Rotterdam, Boston. 

21 



8 Grogan, H 
1985 

Biosphere modelling for a HL W repository scenario and parameter 
variations. 
NAGRA TR 85-48. 

9 Bergstrom, U, Andersson, Kand Rojder, B 
1986 

Variability of dose predictions for Cs-137 and Ra-226 using the PRISM 
method. 
In Proceedings from CEC Seminar on "The cycling of long-lived 
radionuclides in the biosphere: Observations and models", Madrid 
15-19 Sept 1986. 

10 Bergstrom, U, Andersson, Kand Rojder, B 
1984 

Variability of dose predictions for Cs-137 and Ra-226 using the PRISM 
method. 
Studsvik Energiteknik AB, Sweden 1984 (STUDSVIK/NW-84/656). 

11 Andersson, K, Torstenfeldt, B and Allard, B 
1983 

Sorption of radionuclides in geologic systems. 
KBS-TR 83-63, Stockholm, 1983 

12 Andersson, K and Allard, B 
1983 

Sorption of radionuclides on geological media - a literature survey I: Fission 
products. 
KBS-TR 83-07, Stockholm. 

13 Gelin, R and Wilkens, A-B 
1981 

Marknedgravning. Avfallsmaterialets inverkan pa migration i omattade 
marklager. 
Studsvik Energiteknik AB, Sweden 1981 (STUDSVIK/NW-81/77) (In 
Swedish). 

14 Sheppard, M I 
1980 

"The environmental behaviour of Radium". 
AECL-6796 Whiteshell. 

15 Evans, S and Eriksson, A 
1982 

Uranium, thorium and radium in soil and crops. Calculation of transfer 
factors. 
Studsvik Energiteknik AB, Sweden 1982 (STUDSVIK/NW-82/319). 

22 



16 Dahlman, C, Bondiette, E A and Engman, L D 
1976 

Biological pathways and chemical behaviour of plutonium and other 
actinides in the environment. In "Actinides in the Environment 
(Friedman AM edit), pp. 47-80. 
ACS symposium series No. 35, American Chemical Society, 
Washingtod DC. 

17 Albinsson, Y 
1991 

Sortption of radionuclides in granitic rock. 
Report SKB Technical Note 91-07, Stockholm. 

18 Vandergraaf, TT 
1982 

"A compilation of sorption coefficients for radionuclides on granites and 
granitic rocks". 
AECL Rep TR-120. 

19 Billon, A 
1982 

Fixation d'elements transuraniens a differents degres d'oxiydation sur les 
argiles. 
In Environmental migration of long-lived radionuclides, IAEA, 
STI/PUB/597, Vienna. 

20 Zeevaert, T Ed 
1990 

Scenario B7 Transport of contaminated groundwater to a river. 
BIOMOVS TR 10, Swedish Radiation Protection Institute, Stochholm. 

21 Bond K A, Cross, J E and Ewart, F T 
1991 

Thermodynamic Modelling of the Effect of Organic Complexants on 
Sorption Behaviour. 
Radiochim. Acta 52/53, pp. 433-437. 

22 Bond, K A, Haworth, A, Sharland, S M, Smith, A C and 
Tweed, CJ 
1991 

Modelling studies of the sorption of uranium and plutonium in the far field 
of a nuclear waste repository. 
Scient. Basis Nucl. Waste Manag. XIV, TA Abrajano and L. H. Johnson 
(eds), Mater. Res. Soc., Pittsburgh, Penn., pp. 585-592. 

23 



23 Bond, K A and Tweed, C J 
Geochemical modelling of the sorption of tetravalent actinides. 
To be published in Geochim. Cosmochim. Acta 

24 Payne, TE and Waite, TD 
1991 

Surface Complexation Modelling of Uranium Sorption Data obtained by 
Isotope Exchange Techniques. 
Radiochim. Acta 52/53, pp. 487-493. 

25 Read, D, Hooker, P ., Ivanovich, Mand Milodowski 
1991 

A Natural Analogue Study of an Abandoned Uranim Mine in Cornwall, 
England. 
Radiochim. Acta 52/53, pp. 349-356. 

26 Davis, A and Runnells, D D 
1987 

Geochemical interactions between acidic tailings fluid and bedrock: use of 
the computer model MINTEQ. 
Appl. Geochem. Vol. 2, pp. 231-241. 

27 Gruber, J 
1988 

Natural geochemical isolation of neutronactivated waste: scenarios and 
equilibrium models. 
Nucl. Chem. Waste Manag. Vol. 8, pp. 13-32 

28 Stumm, W and Morgan, J J 
1981 

Aquatic Chemistry, 2nd Edition, John Wiley & Sons, New York, p 780 

29 Cederberg, G A, Street, R L and Leckie, J 0 
1985 

A groundwater mass transport and equilibrium chemistry model for 
multicomponent systems, Water Resour. Res., 21, pp 1095-1104 

30 Balistrieri, L and Murray, J W 
1979 

Surface of Goethite (FeOOH) in seawater. 
Chapter 14 in "Chemical Modeling in Aqueous Systems, Speciation, 
Sorption, Solubility and Kinetics", E.A. Jenne (ed) 
Amer. Chem. Soc. ACS Synp. Ser 93, Washington DC, pp. 275-298 

24 



31 Bourg, ACM 
1988 

Adsorption of Trace Elements by Suspended Particulate Matter in Aquatic 
Systems, Section 8 in "The Determination of Trace Metals in Natural 
Waters". 
T.S.West and H.W.Ntimberg (eds) 
IUPAC, Blackwell Sci. Publ., Oxford, pp 256-286 

32 Dzombak, D A and Morel, F M M 
1990 

Surface Complexation Modeling. 
John Wiley & Sons, New York. 

33 Evans, L J 
1989 

Chemistry of metal retention by soils. 
Environ. Sci. Technol., 23, pp 1046-1056 

34 Hayes, K F and Leckie, J 0 
1986 

Mechanism of lead ion adsorption at the goethite-water interface, in 
"Geochemical processes at mineral surfaces", J.A.Davis and K.F.Hayes 
(eds) 
A.C.S. Symp. Ser. 323, Amer. Chem. Soc., Washington, D.C., pp. 114-141 

35 Honeyman, B And Santschi, P H 
1988 

Metals in Aquatic Systems, Environ. Sci. Technol. Vol. C, 22, pp. 862-871 

36 Kent, D B, Tripathi, V S, Ball, NB and Leckie, J 0 
1988 

Surface-complexation modeling of radionuclide adsorption in subsurface 
environments. 
Report NUREG/CR-4807 and Stanford University Techn. Rep 294. 

37 McKinley, J P and Jenne, EA 
1991 

Experimental Investigation and Review of the "Solid Concentration" Effect 
in Adsorption Studies 
Environ. Sci. Technol. Vol. C, 25, pp. 2082-2087 

38 Morel, FM M, Yeasted, JG and Westall, JC 
1981 

Adsorption models: a mathematical analysis in the framework of general 
equilibrium calculations. 
Chapter 7 in "Adsorption of Inorganics at Solid-Liquid Interfaces", 
M.A.Anderson and A.J.Rubin (eds) 
Ann Arbor Sci. Publ. Inc., pp. 263-294 

25 



39 Schindler, PW and Stumm, W 
1987 

The surface chemistry of oxides, hydroxides and oxide minerals, m 
"Aquatic surface chemistry". W.Stumm (ed) 
John Wiley & Sons, New York, pp. 83-110 

40 Smith, R W and Jenne, E A 
1991 

Recalculation, evaluation and prediction of surface complexation constants 
for metal adsorption on iron and manganese oxides. 
Environ. Sci. Technol. Vol. 25, pp. 525-531 

41 Westall, JC 
1987 

Adsorption mechanisms in aquatic surface chemistry, in "Aquatic Surface 
Chemistry". W.Stumm (ed) 
John Wiley & Sons, New York, pp. 3-32 

42 Westall, J and Hohl, H 
1980 

A comparison of electrostatic models for the oxide/solution interface. 
Adv. Colloid Interface Sci. Vol. 12, pp 265-294 

43 Yeh, G-T and Tripathi, V S 
1991 

A model for simulating transport of reactive multispecies components: 
model development and demonstration. 
Water Resour. Res.Val. 27, pp 3075-3094 

44 Smith, R W and Jenne, E A 
1992 

Recalculation, evaluation, and prediction of surface complexation constants 
for metal adsorption on iron and manganese oxides. 
Environ. Sci. Technol. Vol. 25, pp. 525-531, and comment 26, (1992), pp 
1251-1954 

45 Lieser, K H and Steinkopff, Th 
1989 

Chemistry of radioactive cesium in the hydrosphere and in the geosphere. 
Radiochim. Acta Vol. 46, pp. 39-47 

46 Papelis, C, Hayes, K F and Leckie, J 0 
1988 

HYDRAQL: A program for the computation of chemical equilibrium 
composition of aqueous batch systems including surface-complexation 
modeling of ion adsorption at the oxide/solution interface. 
Techn. Report 306 Dept. Civil Engineering., Stanford University, Stanford 
CA-94305. 

26 



47 Grenthe, I, Fuger, J, Konings, R J M, Lemire, R J, Muller, AB, 
Nguyen-Trung, C and Wanner, H 
1992 

Chemical Thermodynamics of Uranium. H.Wanner and I.Forest (eds) 
Elsevier Sci. Publ., Amsterdam, p. 715 

48 Langmuir, D, and Riese, A C 
1985 

The thermodynamic properties of radium. 
Geochim. Cosmochim. Acta Vol. 49, pp. 1593-1601 

49 Lemire, R J and Garisto, F 
1989 

The solubility of U, Np, Pu, Th and Tc in a geological disposal vault for 
used nuclear fuel. 
Report AECL-10009, Atomic Energy of Canade Ltd., Whiteshell Nucl. Res. 
Establ., Pinawa, Manitoba. 

50 Puigdomenech, I and Bruno, J 
1991 

Plutonium solubilities. 
Report SKB-TR 91-04, Swedish Nucl. Fuel and Waste Manag. Co., 
Stockholm. 

51 Hayes, K F, Redden, G, Wendell; E and Leckie, J 
1991 

Surface Complexation Models: An Evaluation of Model Parameter 
Estimation Using FITEQL and Oxide Mineral Titration Data 
J. Cooll. Interf. Sci. vol 142, pp 448-469 

52 Lovgren, L, Sjoberg, S and Schindler, P W 
1990 

Acid/base reactions and Al(III) complexation at the surface of goethite. 
Geochim. Cosmochim. Acta Vol 54, pp. 1301-1306 

53 Stammose, D and Doto, J-M 
1990 

Sorption of americium at trace level on a clay mineral 
Radiochim. Acta Vol 51, pp 189-193 

54 Moulin, V, Stammouse; D and Ouzounian, G 
1992 

Actinide sorption ta oxide-water inrefaces: applications to a alumina and 
amorppgous silica. 
Applied Geochemistry, Suppl. 1, pp 163-166 

27 



55 Sanchez, AL, Murray, J Wand Sibley, TH 
1985 

The adsorption of plutonium IV and V on goethite. 
Geochim. Cosmochim. Acta Vol 49, pp. 2297-2307 

56 Kent, D B, Tripathi, V S, Ball, NB and Leckie, J 0 
1988 

Surface-complexation modeling of radionuclide adsorption in subsurface 
environments. 
Report NUREG/CR-4807, and Stanford University Techn. Rep. 294. 

57 Girvin, D C, Ames, L L, Schwab, A P and Mcgarrah, J E 
1991 

Neptunium Adsorption on Synthetic Amorphous Iron Oxyhydroxide. 
J. Coll. Interf. Sci., Vol 141, pp 67-78 

58 Hsi, C-K D and Langmuir, D 
1985 

Adsorption of Uranyl onto Ferric Oxyhydroxides: Application of the 
Surface Complexation Site-Binding Model. 
Geochim. Cosmochim. Acta Vol. 49, pp. 1931-1941 

59 Bruggenwert, M G M and Kamphorst, A 
1982 

Survey of experimental information on cation exchange in soil systems. 
Chapter 5 in "Soil Chemistry. B. Physico-Chemical Models" G.H. Bolt (ed.) 
Elsevier Sci. Publ. Co., Amsterdam, p. 141. 

60 Wanner, H 
1987 

Modeling interaction of deep groundwaters with bentonite and radionuclide 
speciation. 
Nucl. Technol. Vol. 79, p. 338 

61 Cowan, C E, Zachara, JM and Resch, C T. 
1991 

Cadmium Adsorption on Iron Oxides in the Presence of Alkaline-Earth 
Elements. 
Environ. Sci. Technol. Vol. 25, pp. 437-446 

62 Lieser, K H and Steinkopff, Th 
1989 

Chemistry of Radioactive Cesium in the Hydrosphere and Geosphere. 
Radiochim. Acta Vol. 46, pp. 39-47 

28 



63 Comans, RN J, Haller, Mand De Preter, P 
1991 

Sorption of cesium on illite: Non-Equlibrium behaviour and reversibility. 
Geochim. Cosmochim. Acta Vol 55, pp 433-440 

64 Albinsson, Y, Christiansen-Satmark, B, Engkvist, J and 
Johansson, TC 
1991 

Transport of actinides and Tc through a bentonite backfill containing small 
quantities of iron or copper. 
Radiochim. Acta Vol. 52/53, pp. 283 

65 Lieser, K H and Muhlenweg, U 
1988 

Neptunium in the Hydrosphere and in the Geosphere. I. Chemistry of 
Neptunium in the Hydrosphere and sorption of Neptunium from 
Groundwaters on Sediments under Aerobic and Anaerobic Conditions. 
Radiochim. Acta Vol 46, pp 27-35 

66 Allard, B, Persson, G and Torstenf elt, B 
1985 

Actinide solubilities and speciation in repository environment. 
NAGRA NTB 85-18, Baden. 

67 Sakamoto, Y, Konishi, M, Shirahashi, K, Senoo, Mand 
Moriyama, N 
Adsorption behaviour of neptunium for soil. 
Radioac. Waste Manage. Nuc. Fuel Cycle 15, pp. 13-25 

68 Meyer, RE, Arnold, W D and Case; FI 
1985 

Valence Effects on the Sorption of Nuclides on Rocks and Minerals. II 
Report NUREG/CR-4114, ORNL-6137 

69 Beall, G W, Allard, B, Krajewski, T and O'Kelley, GD 
1980 

Chemical REactions in the Bedrock-Groundwater System of Importance for 
the Sorption of Actinides. 
Scient. Basis Nucl. Waste Manag. 2, C. J: M: Northrup (editor), Plenum 
Press, New York, pp 625-631. 

70 Andersson, K, Torstenfeldt, B and Allard, B 
1982 

Sorption behaviour of long-lived radionuclides in igneous rock. 
In: Environmental Migration of Long-Lived Radionuclides, IAEA, Vienna, 
STI/PUB/597, pp 111-131 

29 



71 Bidoglio, G and Deplano 
1986 

Neptunium migration in Salt Brine Aquifers 
Nucl. Technol. Vol 74, pp 307-316 

72 Higgo, J J W 
1987 

Radionuclide Interactions with Marine Sediments. 
NIREX Report: NSS/R142 

30 



Figure 1. The relationship between calculated Kd-values for Cs by ion
exchange versus the concentrations of the alkali metals Na and Kand the 
concentrations of Ca+ Mg. 
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Figure 2. The relationship between calculated Kd-values for Ra by ion
exchange and swface complexation models versus pH and the 
concentration of Ca2+ for [NA+ lror+[K+ ]TOT= 0.00025 molll. 
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Figure 3. The relationship between calculated Kd-values for Ra both by 
ion-exchange and suiface complexation nwdels versus the calcium
concentrations and the alkali metals concentrations for pH = 5. 
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Figure 4. The relationship between calculated Kd-values by a su,face 
complexation model versus pH and redox potential or 
[COJ-Jror = 0.001 molll. 
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Figure 5. The relationship between calculated Kd-values for U by a 
surface complexation model versus pH and inorganic carbon concentrations 
for En= 0.6 V. 
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Figure 6. The relationship between calculated Kd-values for Np by a 
surface complexation model versus pH and redox potential for 
[COi-Jror = 0.001 moll!. 
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Figure 7. The relationship between calculated Kd-values for Pu by a 
surface complexation model versus EH and pH for 

[CO/-Jror = 0.001 molll 
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